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Abstract

Characterization of pesticide mixtures and their effects on freshwater
communities in the Aconcagua River, Chile

Pesticides are chemicals ultimately designed to harm specific organisms. However, it
has been widely reported they can affect non-target organisms, jeopardizing biodi-
versity and consequently ecosystems services. Today’s agriculture practices go hand
in hand with the massive and global application of pesticides. Chile, an important
agricultural country in South America, concentrates its agriculture in the Central
area of the country, where one of the main basins belong to the Aconcagua River.
In this context, agriculture occupies 12.5% of the Aconcagua basin but there is no
information regarding measured concentrations of pesticides in this particular river.
Thus, the main objective of this study was to describe the chemical and biological
status and to conduct a pesticide mixture assessment of the Aconcagua River basin
using state-of-the-art methods. To describe the pesticides and biological status of
the river, surface water was filtered, using a LVSPE device, and macroinvertebrates
were collected from nine sampling sites along the basin. To assess the risk of pesti-
cides, risk quotients for both single pesticides and mixtures were calculated using the
Species Sensitivity Distribution and the concentration addition models, respectively.
Additionally, the percentage of species affected by the mixtures were estimated us-
ing multi-substance Potential Affected Fraction. In general, herbicides were the
predominant class of pesticides measured in this study. The highest concentrations
were quantified in two tributaries (i.e. T1 and T3) running through agricultural
areas and in the last river sampling site (i.e R3) of the Aconcagua River basin.
Regarding the pesticide risk assessment, the mixture assessment showed sampling
sites under risk for different trophic levels. In addition, few pesticides were respon-
sible for most of the observed risk. Simple linear regressions did no show significant
correlations between pesticide risk and biodiversity indexes. However, multivari-
ate analysis revealed that communities at higher pesticide risk clustered together
and were associated with pollutant bioindicators. The results of this study suggest
that pesticides were important, but not unique, drivers for biodiversity changes and
further support the necessity to include mixtures in chemical risk assessment and
legislation.

Keywords: pesticide mixtures, toxic units, macroinvertebrates, concentration addi-
tion, msPAF, species sensitivity distribution.
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1. Introduction

1.1 Pesticides threat

The increase in food demand together with the difficulty to expand agriculture land
has led to intensive agriculture production. Today, agriculture practices go hand
in hand with the massive and global application of pesticides, which is believed to
increase food production (Carvalho, 2017; Schreinemachers and Tipraqsa, 2012). It
is clear that pesticides play a key role in today’s agriculture, but it should be noted
that pesticides themselves do not contribute to greater crop yields directly; they
merely reduce pests, which potentially may cause crop losses. (Schreinemachers and
Tipraqsa, 2012). In addition to agriculture, pesticides are used in a wide range of
areas (e.g. algaecides for paints or wood preservers).

In 2016, an average of 2.57 kg of pesticides was applied per hectare of cropland
worldwide (FAO, 2019). Though a reduction trend has been observed in the use
of insecticides, this decrease has been compensated by the increasing application of
herbicides and fungicides. Thus, pesticide classes and compound names change over
time but the total use has not declined since the last decade (Schreinemachers and
Tipraqsa, 2012). Furthermore, pesticide use is predicted to increase in the future
due to climate change (Beketov et al., 2013).

Given the fact that pesticides are chemicals engineered to harm biota and they are
used massively, the chance that pesticides may affect non-target species is large.
These non-target species may play a key role in maintaining aquatic ecosystem
functions and/or structure. Consequentially, the use of pesticides may involve bio-
diversity drop, which is not only an irreparable loss for the environment but also
jeopardizes ecosystem services and all the benefits they provide us (e.g. water pro-
vision, water and air purification, climate regulation, recreation, etc) (European
Commission, 2015).

Biodiversity loss is one of the worst crisis in modern society and it seems to be
accelerating (Beketov et al., 2013). While half of the water bodies in Europe have
the ecological integrity in danger (Malaj et al., 2014), the millennium assessment
report identifies pesticides among the major threats of aquatic ecosystems (Peters
et al., 2013). Generally, more than one pesticide is used in the same land or even for
the same crop. Additionally, various active ingredients can be included in a single
pesticide (Schreiner et al., 2016). Moreover, once in aquatic ecosystems, pesticides
suffer biological and physical degradation processes, resulting in a mixture of parent
compounds, transformation products, and other reactive compounds (Ginebreda
et al., 2014). Therefore, in aquatic ecosystems, pesticides usually co-occur forming

1



1. Introduction

mixtures, which vary in composition and concentration over time and space.

Extensive research has shown that the effects of pesticide mixtures are greater com-
pared to single compound effects (Gustavsson et al., 2017; Schreiner et al., 2016).
However, this situation is not considered in the European pesticide legislation so far
(Gustavsson et al., 2017). In addition, much less is known about pesticide poten-
tial synergistic interactions and their consequences to freshwater ecosystems. Thus,
although pesticides are one of the most extensively investigated groups of environ-
mental chemicals, to what extent pesticide mixtures affect aquatic communities and
are involved in biodiversity loss is currently poorly understood (Beketov et al., 2013).
What is clear is that pesticide mixtures pose a risk to aquatic communities and their
risk is highly underestimated.

1.2 Pesticides risk assessment

The use and development of risk assessment strategies are crucial to protect en-
vironmental and human health. Pesticide risk assessment can be retroactive or
retrospective depending on the purpose of the study. For example, risk assessment
is retroactive when the aim of the study is to predict effects of new pesticides whose
use in the environment has not been jet approved (i.e legislation scope) and it is
retrospective when the aim is to assess effects of pesticides present in the water
bodies (van Leeuwen and Vermeire, 2007).

To estimate the risk that pesticides pose to the environment, Risk Quotients (RQs)
are used. It is important to highlight that RQs are comparisons (i.e. when they
increase the risk increase) but no absolute measures of risks (van Leeuwen and
Vermeire, 2007). RQs are the ratio between the exposure assessment and the effect
assessment, which are detailed below:

• Exposure assessment can be estimated using exposure modelling or using
monitoring data (Backhaus et al., 2003). Considering that monitoring data
provides concentrations measured in environmental compartments (e.g. water,
sediment, and/or biota) this approach is more accurate. However, obtain
the complete picture of pesticide pollution in a monitoring study is difficult.
Environmental parameters influence pesticide bioavailability and their episodic
low concentrations can be difficult to detect too. Indeed, pesticides are applied
via pulses resulting in peak concentrations during the spraying period. This
singularity makes pesticides exposure different from other chemicals and it
needs to be taken into account in the sampling design (Sánchez-Bayo et al.,
2011). For these reasons, it is common that measured concentrations in the
field differ by orders of magnitude over time.

2



1. Introduction

Pesticides have been detected in freshwater ecosystems worldwide (Ansara-
Ross et al., 2012; Hung and Thiemann, 2002; Malaj et al., 2014; Montory
et al., 2017; Shaw et al., 2010). In particular, freshwater ecosystems are very
susceptible to receive pesticides. They are transported from diffuse sources,
mainly agricultural and urban areas, via surface runoff and leaching from
arable land. These chemicals end up in freshwater bodies and, from there;
they travel through all elements of the water cycle (Fig.1.1) (Larson et al.,
1998).

Figure 1.1: Pesticide transport from agricultural and urban areas. Retrieved from
Larson et al. (1998).

• Effects assessment is based on the relation between the intensity of an ex-
posure and the severity of an effect. It has been demonstrated that pesticides
cause direct effects to nearly all freshwater organisms, using different biologi-
cal endpoints (from molecules to ecosystems) (Sánchez-Bayo et al., 2011). The
severity of the effects on freshwater organisms (e.g algae, invertebrates, fish)
is highly influenced by the mode of action of the pesticide. Herbicides harm
mainly photosynthetic organisms while macroinvertebrates, zooplankton, and
fish are more sensitive to insecticides (Sánchez-Bayo et al., 2011). Fungicides,
a less studied group of chemicals, target conserved processes and enzymes
resulting in a broad range of affected organisms (Maltby et al., 2009).

Traditionally, effect assessment of pesticides relies on laboratory toxicity tests
because they allow replication and controlling parameters. These tests allow
an easy comparison among pesticide toxicity. This approach is an oversimpli-
fication of communities and ecosystems, which are very dynamic and involve
complex relationships (Calow and Forbes, 2003). Since ecotoxicology aims to
protect the environment, an extrapolation of laboratory tests to complex nat-
ural systems is needed. However, uncertainties arise in the extrapolation when
factors that occur in the field are not taken into account in laboratory tests.

3



1. Introduction

Just to mention some of them: i) sensitivity differences of natural species com-
pared to laboratory test species, ii) recovery phenomena, iii) indirect effects,
iv) changing environmental parameters and v) pulse exposure (Liess et al.,
2008).

When RQs are used, two approaches can be applied to overcome the uncer-
tainties in laboratory toxicity test extrapolations (see Fig1.2): i) Assessment
Factors (AFs), and ii) Species Sensitivity Distribution (SSD). AFs are fixed
values that describe the level of uncertainty in our data. Ecotoxicological val-
ues are divided by AFs to obtain a concentration threshold where effects in
ecosystems are unlikely to occur. On the other hand, SSD allows deriving a
concentration that is protective for ecosystems where only a chosen percentage
of species is affected. This last approach is believed to be more representa-
tive for aquatic community assessment and to allow a better extrapolation of
laboratory tests than AFs (Calow and Forbes, 2003).

Figure 1.2: Two approaches to extrapolate laboratory toxicity test to ecological
effects in order to estimate the environmental risk using risk quotients. Retrieved
from Calow and Forbes (2003).

4



1. Introduction

1.2.1 Species Sensitivity Distribution

Species Sensitivity Distribution involves creating a frequency distribution, which
describes toxic-sensitivity among different species. This concept is based on the
assumption that a chosen distribution can describe this variation in sensitivity. A
percentage of species affected is chosen, usually 5%, to derive a "safe" concentration,
which is considered to be protective for aquatic ecosystems (Calow and Forbes, 2003;
Posthuma et al., 2001a). This concentration is called Hazardous Concentration
(HCp) where p is the cutoff percentage value. Chèvre et al. (2006) propose Eq.
(1.1) to obtain RQsHC5 for single compounds using the SSD approach. When the
ratio between the measured environmental concentration of compound i (MECi)
and the predicted HC5 in a 95% confidence interval for chemical i (HC5i (95%CI))
is lower than one, it is assumed that the chemical i does not possess a risk for the
environment (Chèvre et al., 2006). The use of the HC5i (95%CI) instead of HC5,
reduces the uncertainty regarding the HC5 prediction (Chèvre et al., 2006).

RQiHC5 = MECi

HC5i(95%CI) (1.1)

The SSD approach can also be used to assess single chemical impact on aquatic com-
munities. Thus, the Potential Affected Fraction (PAF), defined as the percentage
of taxa in a community that is predicted to be harmed, is derived using chemical
measured concentrations (Posthuma et al., 2001a).

As mentioned before, when endpoints and species are appropriate, the SSD approach
allows better extrapolation of laboratory toxicity test improving ecological risk as-
sessment. However, this situation does not occur often and SSD interpretation needs
to be conducted carefully. According to Forbes and Calow (2002), there are some
problems behind the theory and the application of the SSD approach:

• Species keystone have the same importance as other species since all weight
equally.

• Community interactions are not considered.

• The species used to build the SSD are not always representative of the species
present in the studied area since the species selection is based on ecotoxico-
logical data availability in the databases.

• The selected endpoints are not always relevant for the studied community since
SSD are generally a mixture of endpoints.

• It can be argued that the only level of protection acceptable is 0%.
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1.2.2 Risk assessment of pesticide mixtures

There are three different approaches to assess the risk of chemical mixtures in the
environment. The first involves the analysis of the mixture of concern in order to
establish its potential toxicity and risk. The second is based on the use of similar
mixtures knowledge to draw conclusions (Backhaus et al., 2003). However, as men-
tioned before, in aquatic ecosystems mixtures vary in composition and concentration
over time and space. This extreme variability makes impracticable the use of the
two mentioned approaches. In contrast, the third approach offers a feasible solution
to this complexity. It uses toxicity tests of single compounds to predict the overall
toxicity of the mixture.

In order to predict mixture toxicity, two models exist: independent action (IA) and
concentration addition (CA). The latest is the most commonly used with pesticides
since many studies confirm that it accurately describes the joint toxicity and can be
applied with a wide range of endpoints (Gustavsson et al., 2017). CA assumes that
each component of the mixture contributes to the overall mixture toxicity, so the sum
of individual potencies results in the total potency of the mixture (Rodney et al.,
2013). Following this reasoning, individual compounds in concentrations below no
effect concentrations add toxicity to the mixture. Thus, even when all compounds
in the mixture are present at "safe" concentrations the mixture toxicity can cause
an adverse effect (Gustavsson et al., 2017). This is one of the reasons to integrate
mixture approaches within the risk assessment framework. Nevertheless, it should
be noticed that the CA approach does not take into account interactions among the
components of the mixture. These interactions can increase (synergism) or reduce
(antagonism) the predicted mixture toxicity when CA is used (Rodney et al., 2013).

According to Gustavsson et al. (2017), the RQ of a mixture based on the CA model
is expressed as:

RQCA = Cmix

ECxmix

=
n∑

i=1
= ci

ECxi

=
n∑

i=1
TUi (1.2)

In this equation, the Toxic Unit i (TUi) expresses, with a dimensionless measure,
the toxicity contribution of the compound i to the whole mixture. This measure is
obtained dividing the concentration of the i compound (ci) by an effect concentra-
tion, where the compound i affects x% of the individuals in a laboratory test (ECxi).
The sum of all TUs is equivalent to the RQ based on CA (RQCA), which is the ratio
between the concentration of the total mixture (Cmix) and the effect concentration of
the total mixture (ECxmix). RQCA can be obtained separately for each trophic level
(i.e RQAlgae, RQCrustaceans and RQFish). Gustavsson et al. (2017) set three critical
values for each trophic level in order to define the thresholds where the RQCA pose a
risk to the environment (i.e. 0.1 for RQAlgae, and 0.01 for RQCrustaceans and RQFish).
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To obtain an unique RQ, which includes all trophic levels Gustavsson et al. (2017)
proposes a RQ for the most sensitive trophic level (RQMST):

RQMST =
n∑

i=1
= MECi

min(EC50Algae, EC50Crustaceans, EC50F ish) (1.3)

Where MECi, the Measured Environmental Concentration of the chemical i, is di-
vided by the most sensitive trophic level. In this case, a critical value has not been
set since various trophic levels are mixed (Gustavsson et al., 2017).

To extend the PAF concept to mixture toxicity, the multi-substance PAF (msPAF)
was proposed by Posthuma et al. (2001a). The msPAF expresses the fraction of
taxa in a community harmed from mixture exposure and, as PAF, is based on SSD
methodology. Posthuma et al. (2019) recommend a simple approach in Microsoft
Excel to calculate msPAF values assuming the community follows a log-normal
distribution:

msPAF = NORMDIST (log10[ΣHU ], 0, σ, 1) (1.4)

where σ (average of the population standard deviation of log10 toxicity data) is
equivalent to the average SSD slope and ΣHU is calculated, based on the CA model,
as:

ΣHU =
n∑

i=1
= MECi

µi

(1.5)

where HU is the Hazard Unit and µ the median ecotoxicity values for the population.

1.3 Pesticide influence in freshwater communities

Benthic macroinvertebrates are usually used to evaluate water quality (e.g. they
are used as bioindicators to assess the biological status in the Water Framework
Directive) (von der Ohe et al., 2007). This group is often selected as biomonitor-
ing organisms due to their “well-described taxonomy, high species richness, their
sedentary nature, and low expense of monitoring programs” (Sánchez-Bayo et al.,
2011). The Community Conditioning hypothesis (Matthews et al., 1996) claims
that natural communities, including benthic macroinvertebrates, are always deter-
mined by their singular history and therefore each community is unique. In this
line, each community is influenced by a wide range of stressors that might mask
pesticide effects. Therefore, it is not only difficult to discern real pesticide effects
from confounding factors but since each community is unique, they may be affected
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differently by the same pesticide mixture. This complexity makes a great challenge
to assess the real effects of pesticides on natural communities (Nowell et al., 2014).

To tackle confounding factors and reduce complexity when describing macroinverte-
brate communities Liess and Ohe (2005) proposed the use of SPEARpesticides index.
SPEARpesticides index is a pesticides-specific bioindicator based on biological traits
sensitive to pesticide effects (Liess et al., 2008). This index groups the species that
shape communities according to their susceptibility to pesticides (sensitive or toler-
ant). Consequently, the higher the index the higher the presence of sensitive species,
thus the lower the effects of pesticides (Bunzel et al., 2013). Contrary to traditional
biodiversity indexes, SPEARpesticides index has shown be sensitive to pesticides and
relatively independent of space and confounding factors (Beketov et al., 2009).

1.4 Pesticides regulation in the European Union

According to the European-Commission (2019), in the European Union, the term
pesticide includes both Plant Protection Products (PPPs) and biocides. While
PPPs refer to chemicals associated with crops and useful plants, biocides group
non-plant/crop uses. Hence, pesticides contain chemicals with a broad range of
uses: herbicides, fungicides, insecticides, acaricides, nematicides, molluscicides, ro-
denticides, growth regulators, repellents and biocides.

PPPs and biocides are covered by the regulations (EC) No 1107/2009 and (EU) No
528/2012 respectively (European Parliament, 2009, 2012). Both consist of at least
one active substance and other optional components like safeners and synergists.
The basic steps to authorize PPPs and biocides in the market are similar, both follow
a tiered approach. First, the active substance/s has to be approved by the European
Union and then the PPP or the biocidal product, containing the active substance/s,
is approved by each state member of the European Union. In this context, mixture
toxicity is considered regarding the interactions of the active substances in each
pesticide but no between different pesticides in the field.

Pesticides are also regulated by the Water Framework Directive (WFD) (European
Parliament, 2008), where in order to ensure good chemical status of the freshwater
bodies in Europe, Environmental Quality Standards (EQSs) are set for 45 priority
substances (PS) including some pesticides (European Parliament, 2013). These
EQSs were derived using the SSD approach mentioned before (see Section 1.2).
However, concerns regarding whether a true picture of the chemical status is reached
using only PS have aroused (Bunzel et al., 2013).
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1.5 Case study: Chile

Chile is a developing country, which has grown very fast during the last decades.
Nowadays, it is among the finest economies in South America (The World Bank
Group, 2019). According to the Central Bank of Chile, in 2018 the economy in-
creased 4% and it is predicted to increase up to 4.25% in 2019 (Central Bank of
Chile, 2018). This growth is based on natural resources, mainly mining, fishery and
agriculture (Bustamante and Campos, 2004).

Regarding agriculture, Chile has one of the top agriculture markets in South America
with fruits, like grapes, apples, and blueberries, as the most exported products
(Llorca-Jaña, 2015). In fact, fresh fruits represent 85% of the exports from the
agriculture sector (Donoso, 2016). In order to maintain this intensive agriculture,
the use of pesticides has drastically increased placing the country among the greater
users of pesticides (e.g a total of 0.70 Kg of agrochemicals per arable hectare were
used in 2009 while the OECD members average was 0.21 Kg) (FRAM Centre, 2018).
Indeed, the importation of pesticides has been doubled from 1998 to 2005. Only
in 2006, 18.81 tons were imported and 57.86 tons were sold inside the country
(Muñoz Quezada, 2011).

The agricultural activities, developed along all regions in the country, are concen-
trated in the central area of Chile (ODEPA, 2017). One of the most relevant river
systems in this area is the Aconcagua River, located in the V Region of Valparaiso.
Along its basin, important economic activities, such as mining, chemical indus-
try, and agriculture are conducted. In particular, agriculture represents 12% of the
Aconcagua basin land uses with fruits and wine as main outputs (Cade-Idepe, 2004).
Therefore, this river system is a good case study to assess complex chemical mixtures
in freshwater ecosystems in Chile.

Only few national monitoring programs and studies have assessed pesticide con-
centrations in different freshwater ecosystems in the whole country (Donoso et al.,
1999; Palma et al., 2004). Because of this, limited knowledge is available about the
pesticide status of the Aconcagua River. The only information regarding pesticide
concentrations in the Aconcagua River is found in CENMA (2015), where Predicted
Environmental Concentrations (PECs) were calculated for ten pesticides. Apart
from that, residues monitoring programs, which do not provide specific information
of regions, and studies regarding pesticide exposure to humans (Silva et al., 2015a,
2013) provide the only knowledge about pesticides exposure in the Aconcagua basin
and its surroundings.
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In contrast, several studies have explored the biological status of the Aconcagua
River basin ( EULA , 2015; Cade-Idepe, 2004; Ríos et al., 2019). EULA (2015)
reported a strong space-variability of macroinvertebrates communities along the
river and two well-defined areas according to the characteristics of the sampled
communities:

• Upper watershed: lower abundances, and macroinvertebrate indicators of
low organic matter and cold water bodies (i.e Massartellopsis irarrazavali).

• Lower watershed: higher abundances, and macroinvertebrate indicators of
high organic matter and template water bodies (i.e. Tubifex sp. and Hyalella
costera). In fact, species in danger such us Aegla papudo are not present
anymore where agriculture and industrial pressures are high.

1.5.1 Regulation

The Department of Agriculture and Farming (SAG) is responsible of managing
pesticides and fertilizers in Chile. Currently, the law nº 1557/2014 (SAG, 2014)
modified this year by the law nº 12/2019 (SAG, 2019a) covers the authorization
of pesticides while the law nº 3557/2008(SAG, 2008) deals with the pest control,
application and trading of pesticides.

Two types of norms, primary and secondary, regulate water quality in river systems
in Chile. Primary norms are nationally implemented and they have the objective
to protect human health. The current primary norm is the law 143/2009 (MMA,
2009) which establish concentrations in recreational freshwater bodies for 21 com-
pounds, including 11 pesticides, i.e. carbon tetrachloride, 2,4 D, aldrin, atrazine,
carbofuran, chlordane, chlorothalonil, cyanazine, heptachlor, simazine, and triflu-
ralin. Secondary norms are local or nationally implemented and they have the aim
to protect ecosystems. Only three rivers (i.e. Maipo River, Valdivia River, and
Biobío River) are covered by secondary norms in Chile and none is the Aconcagua
River. The process to create a secondary norm for the Aconcagua River begun
in 2105 and it is under development so far (MMA, 2017). Besides that, pesticide
residues monitoring programs in vegetables and fruits have been conducted during
short periods of time in the last decade (ACHIPIA, 2011; SAG, 2011).
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1.6 Aims and hypotheses

Realistic environmental risk assessments are needed to face today´s biodiversity
crisis. One way to improve risk assessments is a better characterization of the
natural exposure scenario. This could be done by including chemical mixtures in
the assessment. However, little is known regarding chemical mixtures behavior and
their effects on natural communities. The Aconcagua River seems to be a good
candidate river system to study mixture uncertainties. This master thesis aims to
contribute to a better understanding of pesticide mixtures and their influence on
natural communities using the Aconcagua River as a case study. In this context, it
is essential to describe the pesticide and biological status along the basin. Therefore,
specific objectives have been set to achieve this:

1. Pesticide status:

(a) Identification and quantification of single pesticides and their classes
along the Aconcagua River basin.

(b) Predict the overall toxicity of the detected mixtures along the Aconcagua
River basin.

(c) Identify which pesticides and classes contribute in major extent to the
mixture toxicity along the Aconcagua River basin.

2. Biological status:

(a) Description of the macroinvertebrates biodiversity along the Aconcagua
River basin.

(b) Description of major correlations between macroinvertebrates status and
pesticide mixtures toxicity.

Hypotheses:

• Pesticide toxicity is expected to be higher in the lower parts of the river where
more chemicals are expected to appear. In addition, a small number of pesti-
cides are expected to contribute in major extent to the overall toxicity of the
mixture.

• A pattern regarding biological communities is expected to be observed. In
particular, macroinvertebrate communities from sites with higher toxicity are
expected to cluster together and to have lower biodiversity than those from
unpolluted sites.
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2. Material and methods

2.1 Study area

The Aconcagua River, with a total area of 7,340 Km2 is located in the V Region of
Vaparaíso, in Central Chile. Its basin traverses from East to West this region allow-
ing intensive agriculture practices in the middle and lower watershed. According to
CENMA (2015), the land uses in the Aconcagua watershed consists mainly in mead-
ows, and scrubs (Fig. 2.1). The areas for agriculture cover 12,56% of the watershed
where 7% is used for permanent crops. Only 0.9% is used for mining, industrial
and urban areas (Cade-Idepe, 2004). The flow of the river ranges widely during
the year, with its maximum peak in summer because of the thaw. In this area,
the pesticide spraying season starts in September and ends in March. Therefore, to
measure pesticides peaks, the sampling was conducted in October 2018.

Nine sampling sites, along the Aconcagua River and main tributaries, were set to
obtain a general view of both the chemical and biological status of the river basin
(Fig. 2.1). This study tried to characterize, in the best possible way, different
sections of the basin. Hence, the three river sites (R1, R2, R3) and the three
tributary sites (T1, T2, T3) were located in the upper, middle and lower parts of
the river basin, respectively (Fig. 2.1). In addition, two reference sites (RS1, RS2)
were located in the upper parts of the mountains and the last reference site (RS3)
was in a natural reserve in the downstream area of the river. While all tributary sites
run through intensive agricultural areas the reference sampling sites were located as
far as possible of anthropogenic pressures (Fig. 2.1).
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Figure 2.1: Land uses and distribution of the sampling sites along the Aconcagua
River, Chile. The three reference sampling sites (i.e. RS1, RS2 and RS3) are
indicated in green, while the three tributary (i.e. T1, T2 and T3) and river (i.e. R1,
R2 and R3) sampling sites are marked in red and blue respectively. Information of
the land uses was retrieved from CENMA (2015).
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2.2 Sampling

Pesticides, freshwater macroinvertebrates, and environmental parameters were al-
ways sampled and measured at the same time for each sampling occasion and site
in order to avoid, as much as possible, unequal sampling.

Pesticides in the river surface water were sampled using an on-site solid phase
extraction device for large volumes (LVSPE). This device consists in: 1) a sampling
and dosing chamber, 2) a pre-filter 3) a ball valve, 4) a pressure chamber, 5) an
extraction cartridge and, 6) a controller (Fig. 2.2). The procedure is as follows:
first, the water enters in the pre-filter where the suspended particulate matter is
removed and pass to the dosing chamber where the exact dose volume of 500 mL is
controlled by a conductivity sensor. After that, the valve is opened and the water
is released into the pressure chamber. When the valve is closed again, the water is
pumped, at high pressure, into the cartridge where chemicals are captured (Schulze
et al., 2017).

The cartridges were previously filled with sorbents (i.e. Chromabond® HR-X) fol-
lowing Schulze et al. (2017) specifications. Before and after sampling, cartridges
were covered with aluminium foil and stored at 4ºC. Each cartridge was used only
one time per site. A total volume of 50 L was sampled in each site and trans-
ported in cold and dark conditions until storing. All tubing connecting the different
components were rinsed with surface water before the sampling.

Figure 2.2: LVSPE device: (1) sampling and dosing system, (2) pre-filter (3) ball
valve, (4) pressure chamber, (5) extraction cartridge, (6) controller. Retrieved from
Schulze et al. (2017).
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Macroinvertebrates were sampled by adapting the standardized sampling
methodology developed by Hering et al. (2004) which allows reproducibility among
different stream types. In summary, a composite sample was obtained per sampling
site by pooling 5 "sampling units". A kick-net of 0.25 m2 area and 500 µm mesh
was used for the sampling and for rinse the samples in order to remove large pieces
of wood and stones. Finally, each sample was preserved in ethanol (ca. 96% vol.)
according to the procedure of Inostroza et al. (2016).

Environmental parameters, i.e dissolved oxygen, conductivity, pH, and tem-
perature, were measured in situ using a portable sensor (Hanna Instruments®
HI98194). Unfortunately, environmental parameters associated with stream mor-
phology were not measured.

2.3 Chemical and biological analysis

Pesticide analyses were conducted in the Department of Effect-Directed Analysis at
The Helmholtz-Centre for Environmental Research (UFZ) in Germany. Briefly, the
cartridges were plugged into a nitrogen gas stream for 1 hour and then extractions
were carried out following Schulze et al. (2017) procedure. The final aliquots were
analysed through a liquid chromatography-high-resolution mass spectrometry (LC-
HRMS) using an Agilent 1200 LC coupled to a Thermo QExtractive Plus high-
resolution mass spectrometer using electrospray ionization (ESI).

The target screening list used in the analyses was based on chemicals frequently
monitored in European water courses (Neale et al., 2015; Tousova et al., 2017).
Several chemicals from this list are broadly used worldwide and it was expected to
detect and measure those chemicals in the Aconcagua River water samples.

Macroinvertebrates were identified and counted, using magnifying lens, to the
lowest possible taxonomic level, which was the genus/family for most of the taxa
(see Table A.1 in Appendix A). The analysis was carried out by the Department of
Oceanographic at the University of Concepcion, Chile.
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2.4 Pesticides status

The ecotoxicity data were compiled from the US EPA ECOTOX database (US
EPA, 2019) for three different trophic levels: algae, crustaceans and fish. When
ecotoxicological data were not available, those compounds were not included in the
risk evaluation analyses.

The detected pesticides were classified in four main groups according to their use:
herbicides, insecticides, fungicides and biocides, including in this last one, repellents
and growth regulators (see Table B.1 in Appendix B).

RQs of pesticide mixtures:

The risk quotients for each trophic level (i.e. RQAlgae, RQCrustaceans and RQFish) were
calculated according to Eq. (1.2). While the risk quotients for the most sensitive
trophic level (RQMST) were calculated according to Eq. (1.3) (see Section 1.2.2 for
more details). The criteria to select the ecotoxicity data for RQCA and RQMST were
based on Gustavsson et al. (2017) and the main criteria are shown in Table 2.1.

RQCA and RQMST
Trophic level Effects Exposure (days) Endpoints
Algae Population 1-4 EC50, LC50

Growth, Reproduction LD50, IC50
Crustaceans Intoxication, Mortality 1-4 EC50, LC50

LD50, IC50
Fish Mortality 1-4 EC50, LC50

LD50, IC50

Table 2.1: Criteria to compile the ecotoxicity values used in RQCA and RQMST
calculations, based on Gustavsson et al. (2017).

In order to establish whether the selection of the effect concentration values may
influence the risk estimations, and if so, which are best and worst case scenarios,
three different approaches were used to select the final effect concentration values:

• Geomean: the geometric mean was calculated within each trophic level per
compound. When different values were available for the same species the
arithmetic mean was used prior geometric mean calculations.

• Sensitive: the lowest toxicity value was selected within each trophic level per
compound, in order to obtain the worst case scenario.

• Tolerant: the highest toxicity value was selected within each trophic level per
compound, in order to obtain the best case scenario.
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The RQAlgae, RQCrustaceans and RQFish were calculated using geomean, sensitive and
tolerant criteria. The effect concentration values selected in the sensitive criterion
were used to calculate RQMST. Furthermore, to see if RQs differ when ecotoxicolog-
ical values were selected according to the species status, two datasets were created:

• STS: only standard test species were included.

• ALL: all available species were selected, including standard test species.

The RQAlgae, RQCrustaceans, RQFish and RQMST were estimated separately using ALL
and STS data sets. The resulting data set is described in Tables A.3 and A.5 in
Appendix A.

Species Sensitivity Distribution:

The SSD approach was used to estimate the RQsHC5 for single chemicals, as well as
the multi-substance PAF (msPAF):

• RQsHC5: RQsHC5 were calculated according to Eq. (1.1) (see Section 1.2.1 for
more details). The package ssdtools (Thorley and Schwarz, 2018) was used to
predict HC5i (95%CI). Following Maltby et al. (2005) criteria, the SSD curves
for each pesticide were generated when at least six species were available,
otherwise the pesticide was not included in the analyses. Six distibutions were
considered (i.e. log-normal, log-logistic, log-gumbel, gompertz, gamma, and
Weibull) and the best fit was assessed using Akaike’s Information Criterion
for sample size, as recommended by Thorley and Schwarz (2018).

• msPAF: msPAFs were modeled in Microsoft Excell following Eq. (1.4) and
Eq. (1.5) assuming a log-normal distribution, and that σ equals 0.71, as sug-
gested in Posthuma et al. (2019) (see section 1.2.2 for more details).

Based on Posthuma et al. (2019), retrieved ecotoxicity data were divided into Acute
and Chronic data. The criteria to retrieve the ecotoxicity data for RQsHC5 calcula-
tions is shown in Table 2.2. All species available were included in the analysis. When
more than one toxicity value was available for the same species the arithmetic aver-
age was used. The parameters required for msPAF calculations (µi) were retrieved
from Posthuma et al. (2019) supplementary information. RQsHC5 and msPAF were
calculated twice, following acute and chronic criteria.
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RQsHC5
Trophic level Exposure (days) Effects Endpoints

Acute Algae 0.50 Mortality, ECx or LCx
Crustaceans 1-2 intoxication when

Fish 4-7 (inmobility) x= (30% to 70%)
Chronic Algae > 0.5 Mortality, LOEC, NOEC,

Crustaceans > 2 intoxication (inmobility), MATC, EC5,
Fish > 7 population growth, growth, EC10, EC20

reproduction, development

Table 2.2: Criteria to compile the ecotoxicity data used in RQsHC5 calculations,
based on Posthuma et al. (2019).

All data were managed, analyzed, and plotted using the statistical software R, ver-
sion 3.5.1 (R Core Team, 2018). For the msPAF calculations, Microsoft Excell was
used.

2.5 Biological status and pesticide influence

The identification of macroinvertebrates was only possible until family level in many
cases (Table A.1 in Appendix A). Therefore, before further macroinvertebrates com-
munity analyses, the abundance of species was aggregated into families or higher
taxonomic levels.

In order to describe macroinvertebrates community status, various descriptors of
biodiversity were calculated using the vegan package (Oksanen et al., 2019): rich-
ness, abundance, Simpsons´s index and Shannon index. The confidence intervals for
both Simpsons and Shannon indexes were calculated through bootstrapping using
the boot package (Canty and Ripley, 2017).

Moreover, SPEARpesticides index was calculated using SPEAR calculator (version
2018.05) freely available at http://www.systemecology.eu/indicate/. Since Beke-
tov et al. (2009) validated the use of SPEARpesticides at family level, the input data
for SPEARpesticides was family abundance, as in the other biodiversity descriptors.
Apart from the SPEARpesticides index, SPEAR calculator provides predicted Envi-
ronmental Quality parameters related to pesticide contamination (EQpesticides).

In order to determine the relationship between community descriptors and RQsCrustaceans,
univariate linear regressions were conducted and Spearman non-parametric correla-
tion coefficients (ρ) obtained.

To identify groups with similar structures in macroinvertebrates communities hi-
erarchical cluster analyses were performed without any prior data transformation.
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The cluster distance matrix was based on Bray-Curtis since Euclidean distance has
shown problems for ecological data (Legendre and Legendre, 2012). The distances
were calculated using average linkage as it is the most space-conserving method.

In addition, to better visualization of the main trends, non-metric multidimensional
scaling (NMDS) was performed without previous data transformation and using
Bray-Curtis distances too.

In order to assess which predictor (environmental variables and RQsCrustaceans) ex-
plain better the variation in the response variable (macroinvertebrates family abun-
dance) Redundancy Analysis (RDA) was performed using the vegan package (Ok-
sanen et al., 2019). Prior to RDA performance, important steps in data preparation
were:

• Check multicollinearity: multicollinearity between descriptors may hamper
the interpretation of the variance explained by single variables in the RDA.
Two methods were used to assess collinearity between predictors: i) visual
inspection, ii) variance inflation factors (VIFs).VIFs were calculated using the
faraway package (Faraway, 2016). When VIFs were higher than 10, variables
were considered inter-correlated following Borcard et al. (2018) criteria for
RDAs.

• Log transformation of predictors: all predictors were log transformed in
order to achieve normality and avoid problematic big orders of magnitude
between variables.

• Remove rarest species: in order to enhance the relationship between macroin-
vertebrates and descriptors, families that occurs in less than three sites were
removed. This decision was made based on Bailey et al. (2004) which claims
that rare taxa only add noise to the analysis.

After performing RDA, permutation tests were run to test the significance of the
RDA model and its two first axis.

19



3. Results

3.1 Risk Characterization

3.1.1 Pesticide exposure

A total of 53 different pesticides and pesticide transformation products (TPs) were
quantified in the nine sampling sites along the Aconcagua River basin. In detail,
20 herbicides including 11 TPs, 16 insecticides including 8 TPs, 11 fungicides and
7 biocides including 2 TPs (see Table B.1 in Appendix B). The highest number of
pesticides was quantified in tributary one and three (i.e. T1, T3) with 32 and 37
pesticides respectively (Fig. 3.1). In contrast, the lowest number was quantified in
two reference sampling sites (RS2 and RS3) and in the upper river sampling site
(R1) with 4, 6, and 5 respectively. Thus, a minimum of 4 pesticides co-occurred in
all sampling sites (Fig. 3.1). In addition, a clear increasing trend in the number of
pesticides was observed from the upper to the lower parts of the river (i.e. from R1
to R3). In particular, 5 pesticides were quantified in R1 while 9 and 26 were detected
in R2 and R3, located in the upper, middle and lower parts of the Aconcagua River
respectively (Fig. 3.1).

Regarding pesticide classes, herbicides and biocides were quantified in all sampling
sites (Fig. 3.1). The dominant class was herbicides for all sampling sites (Fig. 3.1).
In this context, the percentage of herbicides ranged from a minimum of 33% in R2 to
a maximum of 60% in R1 (Fig. 3.4). On the other hand, insecticides were quantified
in all sampling sites except for RS2 and R1. Both sampling sites were located in
the upper part of the river basin. Fungicides were only quantified in the tributary
sampling sites (i.e T1, T2, T3) and in the middle and lower river sampling sites (i.e.
R2 and R3). These five sampling sites (i.e. T1, T2, T3, R2, and R3) were the only
ones where all 4 classes of pesticides were quantified.

The biocide didecyldimethylammonium was detected in all the sampling sites. After
this biocide, two herbicides (i.e. dimethachlor OA and terbuthylazine) and one
biocide (i.e 2-(methylthio) benzothiazole) were the most often detected pesticides.
In particular, the two herbicides were measured in 8 out of the 9 sampling sites and
the biocide in 7 (see Table B.1 in Appendix B). Apart from these pesticides, 85% of
the compounds were detected in less than 3 sampling sites.

In general, the concentrations measured in reference sampling sites were lower com-
pared to the concentrations in the three tributaries (i.e. T1, T2 and T3) and the
last river sampling site (i.e. R3) (Figs. 3.2, 3.3 and 3.4). The highest concentrations
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were measured in T3 with 163 ng/L of the herbicide simazine and 132.5 ng/L of
the insecticide methomyl (Fig. 3.3). Additionally, high insecticide concentrations
(e.g. imidacloprid and acetamiprid) were measured in T1 together with the high-
est concentrations of biocides (i.e 52.9 ng/L of 2-(methylthio) benzothiazole) and
fungicides (i.e 49.9 ng/L of myclobutanil).

Figure 3.1: Number and classes of pesticides measured in reference (RS1, RS2,
RS3), tributary (T1, T2, T3) and river (R1, R2, R3) sampling sites.

Figure 3.2: Concentrations (ng/L) and names of the detected pesticides in the
three reference sampling sites (i.e. RS1, RS2 and RS3). In addition, the percentage
of each class per site is represented in a pie chart.
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Figure 3.3: Concentrations (ng/L) and names of the detected pesticides in the
three tributaries (i.e. T1, T2 and T3). In addition, the percentage of each class per
site is represented in a pie chart.

Figure 3.4: Concentrations (ng/L) and names of the detected pesticides in the
three river sampling sites (i.e. R1, R2 and R3). In addition, the percentage of each
class per site is represented in a pie chart.
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Atrazine, diuron and simazine were the only three detected pesticides with EU En-
vironmental Quality Standards (EQSs) (European Parliament, 2013). Additionally,
atrazine and simazine are regulated in the Chilean’s law 143/2009 (MMA, 2009)
which set concentrations for recreational freshwater bodies (see Table B.1 in Ap-
pendix B). In all sampling sites, the mentioned pesticides were below both, EQSs
and concentrations established in the Chilean law 143/2009 (DS-143) (Fig 3.5).
Moreover, as Fig 3.5 shows, Chilean DS-143 were higher than EU EQSs.

Figure 3.5: Environmental Quality Standards (EQSs) expressed at annual average
(AA-EQSs), concentrations set in the Chilean’s law 143/2009 (DS 143), and concen-
trations measured along the Aconcagua River, in ng/L, for the pesticides atrazine,
diuron, and simazine. AA-EQSs and DS-143 were retrieved from European Parlia-
ment (2013) and MMA (2009) respectively.

3.1.2 Single pesticide toxicity

A big data gap was found when retrieving ecotoxicological data from the US EPA
ECOTOX database (US EPA, 2019) to calculate RQsHC5 using Posthuma et al.
(2019) criteria. Hence, few pesticides were included in the risk estimations. From
53 pesticides only 16 and 13 were considered using the acute and chronic criteria
respectively. Chronic data were less available than acute data but the difference
was not major in terms of SSD development (i.e at least six species are required to
create the SSD curve) (see Table B.2 in Appendix B). However, a closer look to SSD
models showed that algae was only included when chronic data was used, changing
drastically the most sensitive trophic level in many cases (see Figs. B.1, B.2, B.3,
and B.4 in Appendix B).
Six different distributions were used to fit the SSD curves (see Table B.2 in Appendix
B). The best fit distribution was chosen to estimate the RQsHC5 per compound (Fig.
3.6).
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In general, the HC5i (95%CI) values derived from chronic data were lower than the
ones derived from acute data and therefore, chronic RQsHC5 were higher. All RQsHC5
were far away from the critical value 1. The insecticides diazinon and imidacloprid
had closer values with 0.67 in T1 and 0.43 in T3 respectively (Fig. 3.6). In fact, these
insecticides were predicted to affect around 5% of the species in T1 and around 4% in
T3 (see Figs. B.2, and B.3 in Appendix B). Furthermore, the insecticide methomyl
was also predicted to affect 3% of the species in T3 (see Fig. B.3 in Appendix B).
The remaining pesticides were not predicted to affect individually more than 1% of
the species regardless the criteria used (see Figs. B.1, B.4, B.5, and B.6 in Appendix
B).

Figure 3.6: Box plot of RQsHC5 per compound and site, using acute (red) and
chronic (blue) criteria. The critical threshold set at 1 is indicated with a red dashed
line.
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3.1.3 Mixture toxicity

A big data gap was found when retrieving ecotoxicological data from the US EPA
ECOTOX database (US EPA, 2019) to calculate RQAlgae, RQCrustaceans, RQFish and
RQMST using Gustavsson et al. (2017) criteria (see Tables A.2 and A.4 in Appendix
A). The data gap was bigger when standard test species (STS) and/or when the
trophic level algae were selected. In fact, it was not possible to calculate the RQAlgae
in RS3 using STS since there were not ecotoxicity values available for the six pesti-
cides detected in this site (Fig. B.7 in Appendix B). The three reference sampling
sites and R1 were the ones with bigger data gap. For those sites, between 50% (RS1)
and 80% (R1) of the detected pesticides did not have ecotoxicological values avail-
able (Fig. B.7 in Appendix B). In particular, transformation products and biocides
were often the compounds with fewer data available.

Fig. 3.7 shows an overview of the RQAlgae, RQCrustaceans and RQFish using the ge-
omean, sensitive, and tolerant criteria (for the data sets ALL and STS). A closer
inspection of Fig. 3.7 shows that the RQCA derived from sensitive criterion was
always higher than the RQCA using the tolerant organisms. Indeed, only when the
sensitive criterion was applied, RQCrustaceans and RQFish exceeded the thresholds set
in Gustavsson et al. (2017) (0.1 for algae and 0.01 for crustaceans and fish). In
particular, RQCrustaceans and RQFish were above 0.01 in T1 and T3. It should be
noted that RQAlgae was very close to 0.1 in T1, T3 and R3 but did not exceed it.

When comparing the trends in Fig. 3.7 using STS and ALL data sets, in general,
no visible differences in the trends were observed. The only differences occurred in
RQsAlgae in R1 and RQsFish in T2, R2, and R3, always applying the tolerant criteria.

Two patterns were observed regarding RQCA at the Aconcagua River. A clear in-
crease in risk for crustaceans and fish in the river sampling sites (from R1 to R3) and
lower values in the reference sites (Fig. 3.7). Surprisingly, none of these patterns
were observed for the trophic level algae.
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Figure 3.7: RQAlgae, RQCrustaceans and RQFish per sampling site using three different
criteria to select compound toxicity values: Geomean (average of toxicity values),
Sensitive (lowest toxicity value) and Tolerant (highest toxicity value). When the
data set includes all species (ALL) a circle is used, while when the data set only
includes standard test species (STS) a diamond is used instead. The red line repre-
sents the risk threshold (0.1 for algae and 0.01 for crustaceans and fish) according
to (Gustavsson et al., 2017).
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The risk quotients for the most sensitive trophic level (RQsMST) are presented in Fig.
3.8. In general, ALL and STS data sets gave similar trophic level sensitivities except
for T3 in STS, where fish instead of crustaceans was the most sensitive trophic level.

The tributaries (i.e. T1 and T3) and the last river sampling site (i.e. R3) had the
highest RQsMST. Furthermore, an increasing trend from R1 to R3 was observed
using the STS data set. These two trends were also identified in RQCrustaceans and
RQFish. Surprisingly, the increasing risk pattern from R1 to R3 was not observed
when using the ALL data set.

Interestingly, there was not a dominant sensitive trophic level for all sites (Fig. 3.8).
Overall, the most common sensitive trophic level in all sampling sites was algae (4
out of 9).

Figure 3.8: Risk quotients for the most sensitive trophic level (RQMST) per site.
The colours indicate which trophic level is the most sensitive: algae (green), crus-
taceans (orange), and fish (blue). When the data set includes all species (ALL) a
circle is used, while when the data set only includes standard test species (STS) a
diamond is used instead.

The results obtained in the multi-substance PAF (msPAF) calculations are presented
in Fig. 3.9. Similar patterns were observed using either chronic or acute criteria. In
this context, chronic msPAF values were always higher than acute msPAF.
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The msPAF values in the reference sampling sites were very low compared to trib-
utaries and the river site R3. Interestingly, these 3 sampling sites exceed the 5%
threshold of species affected by the mixture. Tributary T3 had the highest msPAF
values (around 25% and 13% applying chronic and acute criteria, respectively) fol-
lowed by river R3 and tributary T1 sampling sites (Fig. 3.9). Finally, in the three
river sampling sites, a slight increase in msPAF values was observed from R1 to R2,
while from R2 to R3 a dramatic rise is revealed. These results were in line with the
mixture risk quotients assessment (i.e. RQsCrustaceans, RQsFish and RQsMST) (Figs.
3.7 and 3.8).

Figure 3.9: Predicted percentage of species affected by the pesticides mixture per
sampling site, using the acute (red) and chronic (blue) criteria.

When chemical classes were considered in the mixture toxicity assessment, the re-
sults showed a clear and dominant contribution of herbicides on the trophic level
algae (Fig. 3.10). Same patterns were observed either using STS and ALL data sets.
The most surprising aspect of Fig. 3.10 is that herbicides contributed in 100% to the
mixture toxicity in RS1, RS2 and R1 regardless of the trophic level. A closer look at
these results in Figs. 3.11, and 3.13 shows that only herbicides were included in the
risk estimation analysis on those sites. Conversely, for both the crustaceans and fish
trophic levels the results highlighted the contribution of insecticides in most of the
sampling sites (Fig. 3.10). It should be noted that fungicides were also important
contributors in T1 and R2 and that biocides contribution was very low, only with
relative importance in R2 for the fish trophic level.

In general, when results from STS and ALL data sets were compared, no bigger dif-
ferences were observed in their class pattern profiles. Moreover, the variance between
the geomean, sensitive and tolerant criteria was minor (Fig. 3.10). Unfortunately,
as mentioned before, the STS ecotoxicological database used in this study lacked
information for the pesticides detected in RS3 and specifically for algae.
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Figure 3.10: Percentage of pesticide class contribution to the total mixture toxicity
in RQAlgae, RQCrustaceans and RQFish per site, using three different criteria to select
compounds toxicity value: Geomean (average of toxicity values), Sensitive (lowest
toxicity value) and Tolerant (highest toxicity value). Two data sets are compared,
one which includes all species (ALL) and other which only includes standard test
species (STS).

Figs. 3.11, 3.12 and 3.13 show the individual contribution and the class of each
pesticide per site and trophic level using the geomean criterion and the ALL data
set. Regarding the number of pesticides that drive 90% of the total mixture toxicity,
the results showed distinct chemical profiles depending on the trophic levels.

In general, reference sampling sites had one pesticide contributing to the mixture
toxicity. Interestingly, terbuthylazine was the most frequent herbicide contributing
to all the different trophic levels (Fig. 3.11).
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Figure 3.11: Class and individual contribution of each pesticide to the mixture
toxicity in the three reference sites (RS1, RS2 and RS3) per trophic level. The red
line represents 90% of the toxicity to the mixture toxicity.

In tributaries T2 and T3, two pesticides dominated the toxicity mixture in most of
the cases. In contrast, in T1 the double amount of pesticides were responsible for
the 90% of the mixture toxicity (Fig. 3.12). The herbicides simazine, metribuzin
and terbuthylazine were the principal contributors within the algae trophic level.
Regarding fish and crustaceans, the insecticides methomyl, allethrin, and diazinon
dominated the mixture toxicity. Additionally, the fungicide pyraclostrobin was rel-
atively important for the toxicity in T1 for fish.

Finally, the river sampling sites had mostly one major contributor to the mixture
toxicity. However, in many cases, 1-2 additional compounds were key to explain 90%
of the overall toxicity, no matter their small proportions (Fig. 3.13). Terbuthylazine
and lenacil controlled the mixture toxicity within algae but also regardless of the
trophic level in R1. Regarding fish and crustaceans, the insecticide allethrin domi-
nated the mixture toxicity in R3 for both trophic levels. On the other hand, in R2
the main drivers were the insecticide pirimicarb for crustaceans and the fungicide
imazil for fish.
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Unfortunately, due to the lack of ecotoxicity data, only 1-2 compounds were consid-
ered in the risk estimations in RS1, RS2, RS3, T2 and R1 sampling sites, regardless
the trophic level.

Figure 3.12: Class and individual contribution of each pesticide to the mixture
toxicity in the three reference sites (T1, T2 and T3) per trophic level. The red line
represents 90% of the toxicity to the mixture toxicity.
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Figure 3.13: Class and individual contribution of each pesticide to the mixture
toxicity in the three reference sites (R1, R2 and R3) per trophic level. The red line
represents 90% of the toxicity to the mixture toxicity.

3.2 Biological status and pesticides influence

Macroinvertebrates were classified until family level for the majority of the samples
(see Table A.1 in Appendix A). When classification was only possible until higher
taxonomic levels, the word Ind. was added followed by the lowest possible classifi-
cation in order to differentiate these taxa from family taxa. Unfortunately, it was
not possible to include all taxa in the SPEARpesticides index because the trait values
were not available for: Ind. Acari, Ind. Nematoda, Helicophidae, Hydrobiosidae,
Grypopterigidae, Stratyomidae, Blephariceidae, and Corydalidae.

Different biodiversity metrics were compared in Fig. 3.14. In general, Simpson and
Shannon indexes showed the same biodiversity patterns. Reference sampling sites
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had higher values than tributaries and river sampling sites in most of the cases.
Moreover, a gradual increase in Shannon index values was observed from the upper
to the lower river sampling sites (from R1 to R3). Regarding richness, Fig. 3.14
shows no big differences between the sampling sites; an exception was the reference
site RS1, which had a peak of 15 taxa. In contrast, the reference sampling sites,
excluding RS2, had the lowest abundance of taxa.

A marked decrease in the SPEARpesticides values from R1 to R3 was identified. The
highest values in SPEARpesticides were observed in the reference sampling site RS2,
the tributary T2, and the river sites R1, and R2. In these sites, also the predicted
Environmental Quality (EQpesticides) was higher. The sampling sites T1 and RS3
had the worst EQpesticides.

No statistically significant correlation (p<0.05) between the five biodiversity de-
scriptors and RQCrustaceans was observed in the univariate model regression (see B.8
in in Appendix B). A negative trend was observed in all cases with SPEARpesticides
having the higher spearman coefficient (ρ= -0.78).

The community assessment showed a distinctive clustering of the macroinvertebrates
communities. The reference sampling sites (i.e. RS1 and RS3) were different from
each other but also from the other two big clusters. All tributaries and R3 formed
a well-defined cluster (cluster A), while the remaining cluster was comprised by
R1, R2 and RS2 (cluster B). Comparing these results with the RQsCrustaceans, as a
plausible indicator of risk for the macroinvertebrates community, it can be observed
that cluster A was characterized by the sampling sites with high mixture toxicity
values. In fact, T1 and T3 exceeded the critical threshold of 0.01 for crustaceans
set in Gustavsson et al. (2017).

The triplot shows that RQCrustaceans played a key role in driving the community
structure of macroinvertebrates in the Aconcagua River basin. Since the angles
between predictors and the response variable express their correlation (higher angle
less correlation) a positive correlation was found between a group of taxa (Ind.
Oligochaeta, Chironomidae, and Ind. Nematoda) and RQCrustaceans. On the contrary,
the other families were negatively correlated with this variable. In addition, in
RDAs, closer sites are expected to have similar predictor values. This was the case
of T1 and T3, whose projection to RQCrustaceans at right angle indicates higher values
of RQCrustaceans on those sites. The resulting RDA model (Fig. 3.16) was significant
with a p-value of 0.015 and a relatively high variability explained by the model
(R2

adj =0.43). In addition, the first axis of the RDA was significant with a p-value
of 0.013. It should be noted that the second axis with a p-value of 0.059 was very
close to being significant. In summary, the two first axis of the RDA explained 90%
of the constrained variance (variation explained by descriptors) and 64% of the total
variance (variation explained and unexplained) where the first axis explained 37%
and the second 27%.
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Figure 3.14: Values of the biodiversity descriptors analyzed. The bar plot of
SPEARpesticides index also shows the predicted Environmental Quality regarding
pesticide contamination (EQpesticides) per sampling site. Note that Simpson index is
expressed as 1-D where 1 is maximally diverse.

Figure 3.15: Macroinvertebrates abundance analysed viaA) Cluster analysis using
the average linkage of similarity distances (Bray-Curtis index), and B) Non-metric
multidimensional scaling ordination (NMDS).
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Figure 3.16: RDA triplot which describes the relationship between the sampling
sites, predictors (RQCrustaceans, oxygen, temperature =Temp and pH), and the re-
sponse variable (macroinvertebrates family abundance). The predictors explain 72%
of the variance. The two first axis explain 64% of the total variance (90% of the
constrained variance). RDA model is significant with a p-value= 0.015 and R2

adj
=0.43. Only the first component of the RDA is significant (p-value of RDA1= 0.013
and p-value RDA2= 0.059). Note that the word Ind. before the taxa means that
their identification was only possible until higher taxonimic levels.
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4.1 Risk Characterization

4.1.1 Pesticide exposure

The first objective of this thesis was to identify and quantify pesticides and their
classes in the Aconcagua River basin, due to lacking information about pesticides
in this freshwater ecosystem. In this study, 53 different pesticides and some of
their main TPs were detected and measured, revealing the complexity of pesticides
exposure in receiving agriculture freshwater ecosystems. Regarding the legal status
of the pesticides in Chile, none of the chemicals measured in this study is currently
banned or restricted by the authorities. Nevertheless, the Chilean’s authorities
have planned to ban carbendazim, terbuthylazine and imidacloprid by 2020 (SAG,
2019b). Since monitoring programs are not conducted regularly in the country, the
control of potentially prohibited pesticides in the environment is rather difficult.
In the European Union regulation, twelve of the pesticides measured in this study
are banned. Furthermore, all European EQSs were lower than the concentrations
established in the Chilean law 134/2009 (MMA, 2009).

Another interesting finding was that up to eight pesticides were detected and quanti-
fied in the reference sampling sites, though these sites were located in areas distant
from anthropogenic pressures (e.g. agriculture, industrial/urban areas, etc). In-
deed, the biocide 2-(methylthio) benzothiazole, with a large range of applications
(e.g. cleaning products, wood preserving, offshore mining etc), was quantified in all
reference sampling sites. Nijboer et al. (2004) claimed that there are not pristine
ecosystems in Europe; our results were in agreement with this idea and suggest it
could happen in other geographical areas.

The first working hypothesis of this study was related to detecting more pesticides in
the lower parts of the river. This hypothesis was supported since a gradual increase
in the number and concentrations of pesticides were observed from the upper to the
lower parts of the river (i.e. from R1 to R3). Other studies (Carafa et al., 2011)
also reported an increase in the number of chemicals in the lower parts of the river
system. Furthermore, the high number of pesticides in tributaries, especially in
T1 and T3, could be explained by the location of the sampling sites, both running
through intensive agriculture areas.
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Herbicides and their transformation products were the most often detected class of
pesticides in the Aconcagua river basin. This pattern has been observed in sev-
eral monitoring studies in Europe (Gustavsson et al., 2017; Moschet et al., 2014;
Schreiner et al., 2016) and United States (Belden et al., 2007). A plausible ex-
planation is that the use of herbicides is greater compared with the other classes.
Therefore, these compounds enter the freshwater ecosystems in higher concentra-
tions (Schreiner et al., 2016). Nevertheless, it should be noted that the selection of
the investigated substances was based on chemicals frequently monitored in Euro-
pean watercourses and these monitoring programs often focus on herbicides since
they are expected to be in higher numbers and concentrations (Moschet et al., 2014).
Hence, in this study, the probability to detect insecticides and fungicides was not as
high as the chance to detect herbicides.

4.1.2 Single and mixture toxicity of pesticides in the envi-
ronment

When the single toxicity assessment was conducted, the results showed no risk for
the different trophic levels in the Aconcagua River basin. Indeed, the measured
concentrations of regulated pesticides (i.e. atrazine, diuron and simazine) did not
exceed their EQSs and Chilean regulated concentrations. In addition, neither PAFs
nor RQsHC5 exceeded the risk thresholds of 5% and 1, respectively. Consequently,
the results indicated that when single compounds were analyzed separately, there
was not a warning signal of environmental risk. In contrast, our results showed
that the join effect of pesticide mixtures exceeded the toxicity predicted for single
compounds. Similar findings have been reported using mixture toxicity models in
Faust et al. (2001, 2003).

The observed increase in mixture toxicity for crustaceans and fish along the Aconcagua
River was consistent with the increase in pesticide numbers and classes along the
river. This trend was also identified when using the msPAF approach and it sup-
ported the first hypothesis. This pattern may be explained by the accumulation of
pesticides in the lower part of the river due to the active transport of the pesticides
(Willis and McDowell, 1982).

The highest predicted toxicity for all trophic levels and the highest number of de-
tected pesticides were shown in the tributaries T1 and T3. These results may be
explained by two main factors: i) the location of the sampling sites and ii) the CA
model assumptions. There is a strong relationship between pesticide risk and land
uses, where agricultural landscapes exhibited both higher number and mixture tox-
icity (Malaj et al., 2014). In this study, the tributaries were the sampling sites more
exposed to intensive agricultural activities. Taking into account this first factor, it is
surprising that T2 did not show high number of pesticides (around 5 times less than
T1 and T3). Regarding CA assumptions, in this model all compounds add toxicity
to the mixture. Following this reasoning, T1 and T3 were the sampling sites with
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the higher number of detected pesticides by far.

In terms of percentage of species affected by the pesticides mixture, msPAF shared
similar patterns with RQCA where the biota from sampling sites T3, T1 and R3 were
at higher risk. In particular, this study predicted that between 13% and 25% of biota
was affected in those sites while in the remaining 6 sites low impacts (less than 2%)
were predicted. Those 3 sites (i.e., T1, T3 and R1) exceeded by far the 5% of species
affected, usually proposed as a critical threshold for ecosystems protection. However,
it is important to bear in mind that the ecological consequences when 5% is exceeded
are still not well-understood (Carafa et al., 2011; Posthuma et al., 2001b). In fact,
Smetanová et al. (2014) reported that the 5% threshold highly underestimates biota
effects when compared with the effect predicted by SPEARpesticides index.

Another interesting finding was related to the use of the most sensitive trophic level.
Contrary to results in Gustavsson et al. (2017), RQAlgae was not the highest in all
sampling sites and the most sensitive trophic level changed along the sampling sites.
This may be attributed to the fact that insecticides present higher toxicity in smaller
concentrations compared to herbicides (Moschet et al., 2014). However, although
algae were not always the most sensitive tropic level, they were in almost 44% of the
sampling sites. Nevertheless, it should be noted that for 3 out of the 4 sites where
algae were the most sensitive trophic level, only herbicides were included in the risk
estimations and these results, therefore, need to be interpreted with caution.

Regarding the objective aiming to identify priority classes and compounds, there
were two main findings. First, in accordance with Sánchez-Bayo et al. (2011), the
contribution of pesticide classes to the mixture toxicity was deeply dependent on the
trophic level. The results, in both mixture RQs and individual SSD curves, showed
that herbicides affected mainly the algae trophic level whereas insecticides affect
crustaceans and fish. These findings were also reported by Silva et al. (2015b) and
Malaj et al. (2014) and highlight the importance of taxa selection in risk estimation
approaches. Malaj et al. (2014) also reported that fish were highly affected by en-
docrine disruptors. Since the scope of this thesis only covers pesticides compounds,
the risk for the fish trophic level is potentially higher than the reported here. By
contrast, the risk contribution of fungicides and biocides was very low. This may
be explained by the fact that fungicides and biocides were often not considered in
the risk estimations due to the lack of ecotoxicology data. Following this argument,
Moschet et al. (2014) speculated that fungicides risk could be underestimated. Sec-
ond, the lack of ecotoxicity data hampered the identification of priority compounds
since, in some sampling sites, only 1-2 pesticides were considered in the risk estima-
tions. Therefore, in this part of the discussion, it was only examined the sampling
sites where complex mixtures were considered (i.e. T1, T3, R2 and R3). In this con-
text, few pesticides were the main drivers for 90% of the pesticide mixture toxicity.
These results were in line with several studies (Ginebreda et al., 2014; Jong et al.,
2008; Munz et al., 2017) and supported the first working hypothesis. Regarding
key compounds, terbuthylazine and simazine were important contributors to the
mixture in all sampling sites within algae trophic level. Simazine is banned in the
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European Union and terbuthylazine is going to be banned in Chile by 2020. Both
herbicides are commonly used in avocado production in Chile (CENMA, 2015). On
the other hand, the contribution of compounds within invertebrates and fish trophic
levels varies a lot among sampling sites. These findings have important implica-
tions for developing risk prioritization management since the mitigation of the main
dominant compounds would highly decrease mixture toxicity. However, strategies
to overcome the variability of compounds per site might be required.

Criteria comparisons

A key aspect of risk estimations is the criteria to select ecotoxicity data, which
influence results. In this context, this study explored and discussed the implica-
tions of different criteria to increase, as much as possible, the reliability of the risk
estimations.

With respect to the pesticide mixture RQs, the ecotoxicity data gap was bigger when
only standard test species were included in the risk analyses. Nevertheless, in gen-
eral, no differences were observed between STS and ALL data sets. However, since
the objective of the risk assessment is to protect aquatic ecosystems, the omission
of certain species because they are not commonly used in laboratory tests, may not
be the best approach. A clear example of this was observed when the most sensitive
trophic level in T3 changed depending on the data set used.

Regarding the criteria to select effect concentrations, the sensitive criterion resulted
in higher RQsCA. Considering that sensitive criterion is more conservative than both
geomean and tolerant criteria, it seems more appealing for regulatory frameworks.
Nonetheless, like STS, this criterion does not consider all available species and it
is more probably subject to bias (i.e. higher strength of the outliers). Moreover,
as Wheeler et al. (2002) argued, the use of the lowest value might disfavour data
generation. Therefore, the geometric mean is a more robust but less conservative
approach whose use is recommended by PNEC calculations in the European Union
(European Commission, 2003).

With respect to the SSD approach, chronic criteria, in both RQsHC5 and msPAFs,
provided higher risk estimations. Therefore, the use of chronic data is more rec-
ommended since the risk estimations are more conservative. Unfortunately, chronic
values are often extrapolated, using assessment factors, from acute ecotoxicity data
which are more readily available (Pennington, 2003). However, in this study, there
was a small difference between acute and chronic ecotoxicity data in terms of SSD
development (i.e at least six values required). Regarding the SSD model choice, the
model selection influence the slope and position of the SSD curves and, therefore,
the derivation of the HC5i (95%CI) values. The results indicated that not always
log-normal or log-logistic distributions were the best fit and this should be taken
into account in future studies. In this context, bootstrapping has been presented
as a solution when no prior distribution is needed (Wheeler et al., 2002). Never-
theless, there are still many unanswered questions about msPAF calculations and
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distributions.

Limitations

Four main limitations regarding the characterization of pesticides status need to be
considered:

Firstly, as pointed out during the discussion, the most serious limitation of the
study was the considerable ecotoxicity data gap. This weakness is a well-known issue
in risk estimations (Smetanová et al., 2014) and no particular issue of this study.
The lack of ecotoxicity data may lead to the underestimation of the pesticides risk in
the environment since it disfavours to include all pesticides in the risk estimations.
The lack of ecotoxicity data was higher in transformation products and biocides. It
can thus be suggested that further research should be undertaken to prevent those
compounds to become a blind-spot in environmental risk assessment. In this regard,
the use of quantitative structure-activity relationships (QSARs) has been proposed
to avoid and promote non-animal testing methods (Netzeva et al., 2007).

Secondly, the risk estimations were based on total concentrations from water
samples. Due to the potential capacity of pesticides to bound organic matter, the
concentrations that harm organisms may be lower. In this context, the bioavail-
ability of pesticides in risk assessment can be tackled considering the partitioning
between organic matter and water (Schäfer et al., 2011a,b).

Thirdly, the sprayed period together with rain events highly influence the con-
centrations of pesticides. These factors vary over time and thus more than one
sampling time is needed to well-characterize the pesticide status and the environ-
mental risk.

Finally, risk quotients were based on the CA model, which do not take into ac-
count interactions between pesticides. Additionally, although the scope of this study
only covered pesticides, other groups of pollutants (i.e pharmaceuticals, and metals)
have put in risk and have influenced communities in the Aconcagua River. These
two factors may imply an underestimation of the chemical risk in the Aconcagua
River.
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4.2 Biological status and pesticide influence

In general, reference sites presented higher biodiversity values (i.e. Simpson and
Shannon indexes). The increase in the Shannon index matched the decrease in
SPEARpesticides along the three river sampling sites. This indicated a declined in
biodiversity and sensitive taxa along the Aconcagua River. This may be associated
with the increase in pesticide mixture toxicity risk for crustaceans along the river.

Contrary to expectations, significant correlations were not found between the five
biodiversity descriptors and RQCrustaceans, a plausible indicator of risk for the macroin-
vertebrates community. The apparent lack of correlation may be attributed to sev-
eral reasons. A possible explanation might be the use of family-level information
instead of species. Previous studies (Waite et al., 2004), have demonstrated that
species data leads to more accurate results. Nevertheless, some studies reported that
family level data are enough rigorous to determine the main trends in biodiversity
and SPEARpesticides indexes (Beketov et al., 2009; Chessman et al., 2007). Another
possible explanation could be the omission of several taxa in SPEARpesticides includ-
ing some well-known pollution bioindicators. For example, the phylum Nematoda
has been associated with freshwater pollution (Bongers and Ferris, 1999; Wu et al.,
2010), and the subclass Acari includes water mites (Hydrachnidiae) known as water
quality bioindicators (Goldschmidt, 2016). Finally, it also seems possible that these
results were biased due to the lack of macroinvertebrates sampling replicates. It
is known that the sampling effort is positively related to the increase in different
taxa and more precise results. Moreover, our results did not show the well-defined
abundance patterns like the one reported by EULA (2015). The use of family-level
information, together with the absence of replicates, might be two likely causes for
these differences.

Regarding the second hypothesis, some interesting findings in macroinvertebrates
community patterns were found. Macroinvertebrates were grouped in 4 well-defined
clusters. One of the clusters was comprised of communities from the sampling sites
with higher RQCrustaceans. In this context, the sampling sites T1 and T3 were, by
far, at highest risk and were the closest in the dendrogram and NMDS. Regarding
the RDA, the predictors explained 72% of the variance in the macroinvertebrates
community diversity, indicating a relatively low noise in the RDA. Among all ex-
planatory variables, RQCrustaceans played a key role in biodiversity. As in the NMDS,
the sampling sites with higher risk quotients, T1 and T3, were very close to each
other and influenced by RQCrustaceans. Therefore, all results from macroinvertebrates
community analyses (i.e. NMDS, dendrogram and RDA) further suggest that pesti-
cides influenced macroinvertebrates communities. Nevertheless, the effects of other
stressors cannot be neglected.

A closer look to the families composition in the RDA shows that RQCrustaceans was
positively correlated to a group of pollution bioindicators like Ind. Oligochaeta (Lin
and Yo, 2008; Martins et al., 2008), Ind. Nematoda (Bongers and Ferris, 1999;
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Wu et al., 2010) and Chironomidae (Al-Shami et al., 2011). Therefore, our results
did not only suggest that pesticides influenced macroinvertebrates communities but
also supported the idea that the environmental risk of pesticides was associated
with the presence of pollution bioindicators. On the other hand, the results in the
RDA showed a clear trend from the upper to lower river sampling sites (i.e. R1
to R3) along the first and second axis with R3 farthest from R1 and R2. These
results matched with some chemical and biological patterns pointed out during the
discussion. In particular, an increasing trend was observed in the Shannon index
and the number and risk of pesticides while SPEARpesticides decreased along these
sampling sites. Overall, all these findings support the idea that pesticides may be
a driver of macroinvertebrates communities. However, to understand the extent of
pesticide influence, further studies will need to be undertaken.
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Regarding the first hypothesis, it was confirmed that complex mixtures were found
in the lower parts of the river and that few pesticides dominated the toxicity of
the mixture. These results have important implications in target mitigation mea-
sures. However, to carry out this approach, extensive knowledge about mixture
composition and pesticides variation over time and space would be required and
consequently, increase of human and monetary resources.

Regarding the second hypothesis, although the univariate analysis showed lack of
correlation between macroinvertebrates biodiversity and pesticides risk, multivari-
ate analysis indicated that macroinvertebrates communities from sampling sites at
higher pesticide risk clustered together and were associated with pollutant bioindi-
cators. Our results highlighted the importance of multivariate analysis to study
biodiversity patterns in changing multi-stress environments where pesticides might
play an important role. Further research to understand the interactions and influ-
ence of different stressors on natural communities are strongly recommended.

Summarising, this study helped to understand the importance of complex chemical
mixtures in the environment and highlighted the relevance of using state-of-the-
art approaches. Additionally, this study further support the necessity to include
mixtures in chemical risk assessment and legislation.
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A. Appendix

I



Family Genus/specie RS1 RS2 RS3 T1 T2 T3 R1 R2 R3
Oligochaeta Undetermined Undetermined 5 33 66 38 89 2 9
Acari Undetermined Undetermined 5
Turbellaria Undetermined Undetermined 4 1 2 8
Hirudinea Undetermined Undetermined 11
Nematoda Undetermined Undetermined 9 16 4 4
Coleoptera Elmidae Larvae undetermined 135 43 123 119

Adult undetermined 12 5 10
Dytiscidae Larvae undetermined 1 1

Trichoptera Hydroptilidae Larvae Metrichia sp. 12 3 9 36
Larvae Oxyethira sp. 3 1

Helicophidae Larvae undetermined 2
Hydrobiosidae Larvae undetermined 7 2
Leptoceridae Larvae undetermined 6
Limnephilidae Larvae undetermined 14
Hydropsychidae Larvae Smicridea sp. 8 168

Ephemeroptera Leptophlebiidae Nymph Meridialaris sp. 26 2
Nymph Penaphlebia sp. 13 149 1

Baetidae Nymph Andesiops sp. 18 93 3 48 2 83 71
Plecoptera Grypopterigidae Nymph Chilenoperla sp. 3

Nymph Aubertoperla sp. 7
Diptera Chironomidae Larvae undetermined 27 1 6 73 4 112 11 2 31

Pupa undetermined 23 5 6
Adult undetermined 4

Ceratopogonidae Larvae undetermined 4 2
Pupa undetermined 1

Athericidae Larvae undetermined 4 13 6
Stratyomidae Larvae undetermined 1
Simuliidae Larvae undetermined 18 1 1
Tipulidae Larvae undetermined 4
Limoniidae Larvae undetermined 1 1
Dolichopodidae Larvae undetermined 1 5
Blephariceidae Larvae undetermined 2

Odonata Coenagrionidae Nymph Indeterminado 3
Aeshnidae Nymph Indeterminado 2

Megaloptera Corydalidae Larvae undetermined 5
Gastropoda Physidae Physa sp. 44 121 13 5 35

Ancylidae Undetermined 5
Hemiptera Corixidae Undetermined 1 1 11
Crustacea Hyalellidae Hyalella sp. 1 43 182

Table A.1: Abundance of macroinvertebrates identified in each sampling site.



Name CAS RN Type Algae Crustaceans Fish
2-(Methylthio)benzothiazole 615-22-5 Biocide
2-Aminobenzimidazole 934-32-7 Biocide
2-Hydroxyatrazine 2163-68-0 Herbicide
2-Isopropyl-6-methyl-pyrimidin-4-ol 2814-20-2 Insecticide x
Acetamiprid 135410-20-7 Insecticide x x
Acetochlor 34256-82-1 Herbicide x x x
Allethrin 584-79-2 Insecticide x x
Atrazine 1912-24-9 Herbicide x x x
Azoxystrobin 131860-33-8 Fungicide x x x
Benzyldimethyldodecylammonium 10328-35-5 Biocide
Carbendazim 10605-21-7 Fungicide x x
Chloridazon 1698-60-8 Herbicide
Clothianidin 210880-92-5 Insecticide x
Cyproconazole 94361-06-5 Fungicide x x
Cyprodinil 121552-61-2 Fungicide x x
DEET 134-62-3 Biocide x x
Desethylatrazine 6190-65-4 Herbicide x
Desethylterbutylazine 30125-63-4 Herbicide
Diazinon 333-41-5 Insecticide x x x
Didecyldimethylammonium 20256-56-8 Biocide
Dimethachlor ESA no CAS 474 Herbicide
Dimethachlor OA 1086384-49-7 Herbicide
Diuron 330-54-1 Herbicide x x x
Imazalil 35554-44-0 Fungicide x x x
Imidacloprid 138261-41-3 Insecticide x x
Imidacloprid-guanidine 115970-17-7 Insecticide
Imidacloprid-urea 120868-66-8 Insecticide
Lenacil 2164-08-1 Herbicide
Mepiquat 15302-91-7 Biocide
Metalaxyl 57837-19-1 Fungicide x x x
Methomyl 16752-77-5 Insecticide x x x
Methyldesphenylchloridazon 17254-80-7 Herbicide
Metolachlor 51218-45-2 Herbicide x x x
Metolachlor CGA 357704 1217465-10-5 Herbicide
Metolachlor ESA 171118-09-5 Herbicide
Metolachlor OA 152019-73-3 Herbicide
Metribuzin 21087-64-9 Herbicide x x x
Myclobutanil 88671-89-0 Fungicide x x
Piperonyl butoxide-Na 51-03-6 Insecticide x x
Piperonyl butoxide-NH4 51-03-6 Insecticide x x
Pirimicarb 23103-98-2 Insecticide x x x
Prochloraz 67747-09-5 Fungicide x x
Propiconazole 60207-90-1 Fungicide x x x
Pyraclostrobin 175013-18-0 Fungicide x x
Simazine 122-34-9 Herbicide x x x
Simazine 2-Hydroxy 2599-11-3 Herbicide
Tebuconazole 107534-96-3 Fungicide x x x
Terbuthylazine 5915-41-3 Herbicide x x x
Terbuthylazine-2-hydroxy 66753-07-9 Herbicide
Thiabendazole 148-79-8 Biocide x x
Thiacloprid 111988-49-9 Insecticide x x
Thiacloprid amide 676228-91-4 Insecticide
Thiamethoxam 153719-23-4 Insecticide x

Table A.2: Pesticides included (x) and no included (blank) in the RQCA estimations, when only
standard test species were selected.



Name Algae Crustaceans Fish
Geomenan Sensitive Tolerant Geomenan Sensitive Tolerant Geomenan Sensitive Tolerant

2-Isopropyl-6-methyl-pyrimidin-4-ol 1200.000 1200.000 1200.000
Acetamiprid 0.642 0.066 50.000 43.623 10.360 100.000
Acetochlor 0.713 0.003 34.756 6.062 2.200 14.000 1.426 0.380 3.900
Allethrin 0.023 0.008 0.040 0.023 0.003 0.100
Atrazine 0.136 0.004 5.673 10.287 1.000 133.000 22.472 2.000 117.400
Azoxystrobin 0.230 0.230 0.230 0.196 0.056 3.200 0.703 0.470 1.100
Carbendazim 0.072 0.023 1.336 0.292 0.007 1.800
Clothianidin 1.120 0.007 67.564
Cyproconazole 15.799 9.600 26.000 20.311 19.000 21.000
Cyprodinil 0.510 0.032 8.140 2.009 1.250 3.200
DEET 93.333 75.000 130.000 89.687 71.250 110.000
Desethylatrazine 5.100 5.100 5.100
Diazinon 24.153 15.321 41.565 0.008 0.000 0.500 2.348 0.000 545.000
Diuron 0.081 0.001 13.000 2.983 0.160 47.000 7.943 1.100 84.000
Imazalil 0.730 0.730 0.730 3.540 3.540 3.540 5.145 1.480 19.614
Imidacloprid 1.310 0.002 97.900 194.290 143.700 241.000
Metalaxyl 171.851 6.249 941.509 48.948 0.730 718.860 135.057 18.400 258.470
Methomyl 117.333 60.000 184.000 0.077 0.006 1.050 0.933 0.040 32.000
Metolachlor 2.248 0.037 18.926 6.809 1.100 80.000 5.831 0.021 44.000
Metribuzin 0.028 0.022 0.043 39.321 4.180 98.500 40.667 3.400 150.000
Myclobutanil 1.625 0.240 11.000 3.618 2.400 4.700
Piperonyl butoxide 0.854 0.330 2.830 5.464 1.800 15.300
Pirimicarb 120.000 120.000 120.000 0.188 0.007 19.600 190.566 29.000 410.000
Prochloraz 3.758 3.008 4.507 13.560 13.560 13.560
Propiconazole 4.938 0.390 27.970 2.914 0.180 11.300 5.874 0.850 46.000
Pyraclostrobin 0.384 0.152 1.400 0.065 0.004 0.443 0.031 0.006 0.510
Simazine 0.837 0.079 2.174 107.319 1.000 620.000 169.551 3.000 8100.000
Tebuconazole 3.200 3.200 3.200 1.116 0.490 4.000 6.252 2.370 40.800
Terbuthylazine 0.094 0.009 0.595 1.982 0.109 50.900 7.198 1.600 10.000
Thiabendazole 0.536 0.309 2.600 11.116 0.560 56.300
Thiacloprid 0.811 0.031 88.000 31.582 19.700 80.700
Thiamethoxam 6.900 6.900 6.900

Table A.3: Concentrations in mg/L using three different endpoints (Geomean, Sensitive and Tolerant) for
the three trophic levels (algae, crustaceans and fish), when only standard test species were selected.



Name CAS RN Type Algae Crustaceans Fish
2-(Methylthio)benzothiazole 615-22-5 Biocide
2-Aminobenzimidazole 934-32-7 Biocide
2-Hydroxyatrazine 2163-68-0 Herbicide
2-Isopropyl-6-methyl-pyrimidin-4-ol 2814-20-2 Insecticide x
Acetamiprid 135410-20-7 Insecticide x x
Acetochlor 34256-82-1 Herbicide x x x
Allethrin 584-79-2 Insecticide x x
Atrazine 1912-24-9 Herbicide x x x
Azoxystrobin 131860-33-8 Fungicide x x x
Benzyldimethyldodecylammonium 10328-35-5 Biocide
Carbendazim 10605-21-7 Fungicide x x x
Chloridazon 1698-60-8 Herbicide x x
Clothianidin 210880-92-5 Insecticide x
Cyproconazole 94361-06-5 Fungicide x x
Cyprodinil 121552-61-2 Fungicide x x
DEET 134-62-3 Biocide x x
Desethylatrazine 6190-65-4 Herbicide x x
Desethylterbutylazine 30125-63-4 Herbicide
Diazinon 333-41-5 Insecticide x x x
Didecyldimethylammonium 20256-56-8 Biocide
Dimethachlor ESA no CAS 474 Herbicide
Dimethachlor OA 1086384-49-7 Herbicide
Diuron 330-54-1 Herbicide x x x
Imazalil 35554-44-0 Fungicide x x x
Imidacloprid 138261-41-3 Insecticide x x x
Imidacloprid-guanidine 115970-17-7 Insecticide
Imidacloprid-urea 120868-66-8 Insecticide
Lenacil 2164-08-1 Herbicide x
Mepiquat 15302-91-7 Biocide
Metalaxyl 57837-19-1 Fungicide x x x
Methomyl 16752-77-5 Insecticide x x x
Methyldesphenylchloridazon 17254-80-7 Herbicide
Metolachlor 51218-45-2 Herbicide x x x
Metolachlor CGA 357704 1217465-10-5 Herbicide
Metolachlor ESA 171118-09-5 Herbicide
Metolachlor OA 152019-73-3 Herbicide
Metribuzin 21087-64-9 Herbicide x x x
Myclobutanil 88671-89-0 Fungicide x x
Piperonyl butoxide-Na 51-03-6 Insecticide x x x
Piperonyl butoxide-NH4 51-03-6 Insecticide x x x
Pirimicarb 23103-98-2 Insecticide x x x
Prochloraz 67747-09-5 Fungicide x x x
Propiconazole 60207-90-1 Fungicide x x x
Pyraclostrobin 175013-18-0 Fungicide x x
Simazine 122-34-9 Herbicide x x x
Simazine 2-Hydroxy 2599-11-3 Herbicide
Tebuconazole 107534-96-3 Fungicide x x x
Terbuthylazine 5915-41-3 Herbicide x x x
Terbuthylazine-2-hydroxy 66753-07-9 Herbicide
Thiabendazole 148-79-8 Biocide x x
Thiacloprid 111988-49-9 Insecticide x x x
Thiacloprid amide 676228-91-4 Insecticide
Thiamethoxam 153719-23-4 Insecticide x

Table A.4: Pesticides included (x) and no included (blank) in the RQCA estimations, when all species were
selected.



Name Algae Crustaceans Fish
Geomenan Sensitive Tolerant Geomenan Sensitive Tolerant Geomenan Sensitiv Tolerant

2-Isopropyl-6-methyl-pyrimidin-4-ol 1200.000 1200.000 1200.000
Acetamiprid 0.339 0.050 50.000 43.623 10.360 100.000
Acetochlor 1.999 0.003 34.756 6.062 2.200 14.000 1.426 0.380 3.900
Allethrin 0.028 0.008 0.056 0.026 0.003 0.650
Atrazine 0.481 0.004 84.000 9.101 0.048 214.500 21.862 0.500 117.400
Azoxystrobin 0.230 0.230 0.230 0.218 0.056 3.200 1.270 0.470 3.290
Carbendazim 18.261 0.340 34.658 0.335 0.023 16.767 1.617 0.007 11.310
Chloridazon 2.445 1.173 5.100 37.500 35.000 40.000
Clothianidin 1.923 0.007 67.564
Cyproconazole 15.799 9.600 26.000 20.311 19.000 21.000
Cyprodinil 0.564 0.032 8.140 2.009 1.250 3.200
DEET 93.333 75.000 130.000 123.645 71.250 235.000
Desethylatrazine 0.932 0.821 1.043 11.998 2.800 112.300
Diazinon 21.002 10.820 48.918 0.027 0.000 10.600 2.237 0.000 545.000
Diuron 0.077 0.001 35.000 4.905 0.160 47.000 10.066 0.500 200.000
Imazalil 0.730 0.730 0.730 3.540 3.540 3.540 5.145 1.480 19.614
Imidacloprid 252.500 116.000 389.000 0.904 0.001 161.950 103.972 13.360 241.000
Lenacil 0.012 0.012 0.012
Metalaxyl 156.128 6.249 941.509 48.948 0.730 718.860 135.057 18.400 258.470
Methomyl 117.333 60.000 184.000 0.109 0.002 7.200 1.162 0.040 32.000
Metolachlor 6.284 0.037 310.151 6.809 1.100 80.000 8.114 0.021 44.000
Metribuzin 0.043 0.013 0.180 55.779 4.180 205.900 81.387 3.400 660.000
Myclobutanil 1.625 0.240 11.000 3.618 2.400 4.700
Piperonyl butoxide 25.015 1.151 133.009 1.448 0.330 12.000 6.007 1.800 15.300
Pirimicarb 120.000 120.000 120.000 0.188 0.007 19.600 190.566 29.000 410.000
Prochloraz 4.094 0.024 13.560 2.862 2.180 4.507 13.560 13.560 13.560
Propiconazole 2.634 0.001 34.565 2.345 0.180 11.807 4.516 0.850 46.000
Pyraclostrobin 1.195 0.152 11.583 0.023 0.004 0.443 0.031 0.006 0.510
Simazine 0.323 0.057 2.174 56.051 1.000 620.000 83.043 0.250 8100.000
Tebuconazole 2.154 1.450 3.200 1.270 0.490 4.000 6.082 2.370 40.800
Terbuthylazine 0.056 0.009 1.034 1.982 0.109 50.900 11.664 1.600 90.000
Thiabendazole 1.904 0.309 24.000 11.116 0.560 56.300
Thiacloprid 45.000 45.000 45.000 0.686 0.031 88.000 31.582 19.700 80.700
Thiamethoxam 5.698 0.967 75.619

Table A.5: Concentrations in mg/L using three different endpoints (Geomean, Sensitive and Tolerant) for
the three trophic levels (algae, crustaceans and fish), when all species were selected.



B. Appendix

Figure B.1: Species Sensitivity Distribution curves for simazine and atrazine using acute and chronic
criteria. The HC5i (95%CI) is represented with a red dashed line and its value is in red.
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Figure B.2: Species Sensitivity Distribution curves for diazinon and diuron using acute and chronic criteria.
The HC5i (95%CI) is represented with a red dashed line and its value is in red. The Potential Affected
Fraction of species ( PAF) is represented with a black dashed line and its value is in black for each site.



Figure B.3: Species Sensitivity Distribution curves for carbendazim, methomyl and imidacloprid using
acute and chronic criteria. The HC5i (95%CI) is represented with a red dashed line and its value is in red.
The Potential Affected Fraction of species (PAF) is represented with a black dashed line and its value is in
black for each site.



Figure B.4: Species Sensitivity Distribution curves for metribuzin, propiconazole and pyraclostrobin using
acute and chronic criteria. The HC5i (95%CI) is represented with a red dashed line and its value is in red.



Figure B.5: Species Sensitivity Distribution curves for azoxystrobin, metalachlor and metalaxyl using
chronic criterion. The HC5i (95%CI) is represented with a red dashed line and its value is in red.



Figure B.6: Species Sensitivity Distribution curves for piperonyl butoxide, terbuconazoles, allethrin, and
terbuthylazine using acute criterion. The HC5i (95%CI) is represented with a red dashed line and its value
is in red.



CAS RN Name Class Notes AA-EQS DS-143 Occurrence
(µg/L) (µg/L)

615-22-5 2-(Methylthio)benzothiazole Biocide TP of MBT or TCMTB 7
934-32-7 2-Aminobenzimidazole Biocide TP of carbendazim or 1-naphthol 1
2163-68-0 2-Hydroxyatrazine Herbicide TP of atrazine 3
2814-20-2 2-Isopropyl-6-methyl-pyrimidin-4-ol Insecticide TP of diazinon 4
135410-20-7 Acetamiprid Insecticide 3
34256-82-1 Acetochlor Herbicide 1
584-79-2 Allethrin Insecticide 3
1912-24-9 Atrazine Herbicide 0.6 22 3
131860-33-8 Azoxystrobin Fungicide 1
10328-35-5 Benzyldimethyldodecylammonium Biocide Quaternary ammonium 2

compounds (QACs)
10605-21-7 Carbendazim Fungicide 4
1698-60-8 Chloridazon Herbicide 3
210880-92-5 Clothianidin Insecticide 2
94361-06-5 Cyproconazole Fungicide 2
121552-61-2 Cyprodinil Fungicide 1
134-62-3 DEET Biocide Insect repellent for humans 2
6190-65-4 Desethylatrazine Herbicide TP of atrazine 3
30125-63-4 Desethylterbutylazine Herbicide TP of terbuthylazine 2
333-41-5 Diazinon Insecticide 2
20256-56-8 Didecyldimethylammonium Biocide 9
no CAS 474 Dimethachlor ESA Herbicide TP of dimethachlor 1
1086384-49-7 Dimethachlor OA Herbicide TP of dimethachlor 8
330-54-1 Diuron Herbicide 0.2 3
35554-44-0 Imazalil Fungicide 1
138261-41-3 Imidacloprid Insecticide 3
115970-17-7 Imidacloprid-guanidine Insecticide TP of imidacloprid 2
120868-66-8 Imidacloprid-urea Insecticide TP of imidacloprid 2
2164-08-1 Lenacil Herbicide 2
15302-91-7 Mepiquat Biocide Plant growth regulator 1
57837-19-1 Metalaxyl Fungicide 3
16752-77-5 Methomyl Insecticide 1
17254-80-7 Methyldesphenylchloridazon Herbicide TP of Chloridazon 1
51218-45-2 Metolachlor Herbicide 1
1217465-10-5 Metolachlor CGA 357704 Herbicide TP of s-metochlor 2
171118-09-5 Metolachlor ESA Herbicide TP of metolachlor 4
152019-73-3 Metolachlor OA Herbicide TP of metolachlor 2
21087-64-9 Metribuzin Herbicide 1
88671-89-0 Myclobutanil Fungicide 1
51-03-6 Piperonyl butoxide-Na Insecticide P450 inhibitor-synergist 3
51-03-6 Piperonyl butoxide-NH4 Insecticide P450 inhibitor-synergist 1
23103-98-2 Pirimicarb Insecticide 3
67747-09-5 Prochloraz Fungicide 1
60207-90-1 Propiconazole Fungicide 2
175013-18-0 Pyraclostrobin Fungicide 1
122-34-9 Simazine Herbicide 1 22 4
2599-11-3 Simazine 2-Hydroxy Herbicide TP of simazine 3
107534-96-3 Tebuconazole Fungicide 3
5915-41-3 Terbuthylazine Herbicide 8
66753-07-9 Terbuthylazine-2-hydroxy Herbicide TP of terbuthylazine 2
148-79-8 Thiabendazole Biocide 3
111988-49-9 Thiacloprid Insecticide 1
676228-91-4 Thiacloprid amide Insecticide TP of thiacloprid 1
153719-23-4 Thiamethoxam Insecticide 1

Table B.1: CAS number (CAS RN), class, occurrence, Environmental Quality Standards (EQS) expressed
at annual average (AA-EQSs) and concentrations established in chilean primary norm 143/2009 (DS-143)
of the detectedd pesticides. AA-EQSs and DS-143 retrieved from European Parliament (2013) and MMA
(2009) respectively. Note that TP= Transformation Product.



CAS RN Chemicals Acute Chronic
HC5 (95%CI) (mg/L) Distribution HC5 (95%CI) (mg/L) Distribution

615-22-5 2-(Methylthio)benzothiazole
934-32-7 2-Aminobenzimidazole
2163-68-0 2-Hydroxyatrazine
2814-20-2 2-Isopropyl-6-methyl-pyrimidin-4-ol
135410-20-7 Acetamiprid
34256-82-1 Acetochlor
584-79-2 Allethrin 0.00417 weibull
1912-24-9 Atrazine 2.95095 log-logistic 0.00564 log-gumbel
131860-33-8 Azoxystrobin 0.00078 gamma
10328-35-5 Benzyldimethyldodecylammonium
10605-21-7 Carbendazim 0.01226 log-normal 0.01491 log-normal
1698-60-8 Chloridazon
210880-92-5 Clothianidin
94361-06-5 Cyproconazole
121552-61-2 Cyprodinil
134-62-3 DEET
6190-65-4 Desethylatrazine
30125-63-4 Desethylterbutylazine
333-41-5 Diazinon 0.00244 weibull 0.00002 gamma
20256-56-8 Didecyldimethylammonium
no CAS 474 Dimethachlor ESA
1086384-49-7 Dimethachlor OA
330-54-1 Diuron 0.70207 gamma 0.00048 log-gumbel
35554-44-0 Imazalil
138261-41-3 Imidacloprid 0.07400 log-gumbel 0.00017 weibull
115970-17-7 Imidacloprid-guanidine
120868-66-8 Imidacloprid-urea
2164-08-1 Lenacil
15302-91-7 Mepiquat
57837-19-1 Metalaxyl 1.96069 log-gumbel
16752-77-5 Methomyl 0.00164 gamma 0.00272 log-gumbel
17254-80-7 Methyldesphenylchloridazon
51218-45-2 Metolachlor 3.39788 log-logistic 0.01862 gamma
1217465-10-5 Metolachlor CGA 357704
171118-09-5 Metolachlor ESA
152019-73-3 Metolachlor OA
21087-64-9 Metribuzin 8.46150 gompertz 0.00494 log-gumbel
88671-89-0 Myclobutanil
51-03-6 Piperonyl butoxide-Na 1.00958 weibull
51-03-6 Piperonyl butoxide-NH4 1.00958 weibull
23103-98-2 Pirimicarb
67747-09-5 Prochloraz
60207-90-1 Propiconazole 0.90538 log-normal 0.08558 log-gumbel
175013-18-0 Pyraclostrobin 0.00557 gompertz 0.00163 log-normal
122-34-9 Simazine 1.13573 gamma 0.00440 log-normal
2599-11-3 Simazine 2-Hydroxy
107534-96-3 Tebuconazole 2.17686 log-gumbel
5915-41-3 Terbuthylazine 1.78575 log-gumbel
66753-07-9 Terbuthylazine-2-hydroxy
148-79-8 Thiabendazole
111988-49-9 Thiacloprid
676228-91-4 Thiacloprid amide
153719-23-4 Thiamethoxam

Table B.2: HC5i (95%CI) values and distribution used to fit the SSD curve for each pesticide depending
on acute and chronic criteria.



Figure B.7: Percentage of ecotoxicological data available (green) or not available (red) in US EPA (2019)
for the compounds detected in each sampling site using standard test species (STS) and all the species
(ALL) data sets.



Figure B.8: Relationship between five biodiversity descriptors and RQCrustaceans, using the Geomean cri-
teria and ALL data set. Linear regression is not significant in any case (p-value > 0.05 and adjusted R2

range from 0.10 to 0.17). Higher ρ in SPEARpesticides index.



C. Appendix

For more detail information regarding the raw data, Excel calculations and R scripts, please contact me at:
alba.l.mangas@gmail.com.
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